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Abstract
Purpose The consequences of permanent inundation and
storage of flood plain soils and aquatic sediments on metal
mobility were studied. The main goal was to quantify
kinetic mobilisation processes in order to pinpoint the
conditions that pose emission risks to groundwater and
surface waters.
Materials and methods Anaerobic pore water compositions
of six existing depots, containing sediments from either
aquatic or terrestrial origin, were measured to obtain
reliable field references. Reduction experiments were
performed with SOFIE cells, in which time-dynamic
measurements of reducing pore waters were carried out at
the reigning redox conditions. A parallel experiment tested
the possibility if sulfide-deficiencies could be compensated
by the reduction of added gypsum, thus increasing the
available pool of reactive S. Model calculations were
performed to distinguish between the thermodynamic and
kinetic processes.
Results and discussion Reduction of flood plain soils
showed that dissolved organic matter (DOM) concen-
trations increased up to 7-fold over time, as a result of
nutrient-mediated metabolic boost of organic matter
degrading microorganisms. The association of metals to
DOM increased significantly due to the loss of reactive
Mn-oxide and Fe-oxyhydroxide sorption phases during
reduction. DOM released metals only slowly, therefore
kinetically hindering the phase shifting to stable metal-
sulfide precipitates. The observed effects lasted at least
10 months. In aquatic sediments, reduction rates of
sulphates were six times faster, and the release of DOM
occurred in lower amounts than in soils from terrestrial
origin. It is shown that the addition of gypsum stimulates
the formation of sulfides, thereby decreasing dissolved
concentrations of most metals. On the short term
however, the addition of gypsum leads to elevated
concentrations of Zn and Cd due to increased electrolyte
strength and subsequent Ca-metal-competition for sorp-
tion sites. This effect may be eliminated by not only
adding an electron acceptor to the sediment, but also an
effective donor, e.g., degradable organic matter.
Conclusions For depots containing flood plain soils, the
same kinetic mechanisms were observed as in the
reduction experiments (elevated production of DOM
and associated metals). It was concluded that reduction
of flood plain soils may not necessarily result in efficient
metal trapping. When storage is considered, a distinction
should be made between sediments of terrestrial and
aquatic origin.
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1 Introduction
Along the main Dutch rivers, numerous restoration and
redevelopment projects are carried out to improve safety in
cases of high discharges and flooding. Often, large amounts
of contaminated sediments are stored under water in depots
or sandpits. This practice is based on the assumption that
anaerobic conditions will develop over a short time period,
and cause heavy metals to immobilize through sulfide
precipitation. In this paper, we show that the generality of
this assumption may be seriously questioned.
Dredging activities often lead to dumping of anaerobic
sediments on land, leading to chemical and physical
oxidation and changes in availability of metals. Many
authors have reported on these oxidation mechanisms
(Holmes 1999; Buykx et al. 2000; Mayer and Jarrell
2000; Simpson et al. 2000; Xiang et al. 2000). Since
legislation has become aware of the potential environmental
risks involved (i.e., elevated exposure of heavy metals to
humans, cattle and ecosystems), the application on land is
in many EU countries restricted. As a result of this,
contaminated soils and sediments are stored in waterlogged
depots or pits, often without truly knowing the effects on
the short or long term.
The (time-dynamic) measurement of redox-sensitive
elements in anaerobic pore water is a specialized and
elaborate undertaking. Only few studies report on the
effects of reduction with respect to metal mobility and
emissions to surrounding groundwater systems. There are
some useful studies that include field or laboratory
measurements (e.g., Han et al. 2001; Burton et al. 2008;
Du Laing et al. 2009), and also modelling studies that use a
thermodynamic approach have been reported (e.g., De
Rooij and Gerrits 1995; Griffioen et al. 2006). However,
the outcomes of the measurements in the field and
modelling studies are not always in agreement, indicating
that the uncertainty around soil inundation or sediment
storage is still large. Relatively little is known about both
the qualitative (mechanisms) and quantitative (concentrations
and rates) aspects of this practice.
The classical concept of reduction reactions is that they
proceed sequentially and from the highest towards the
lowest energy yield (Berner 1981; Stumm 1984; Lovley
and Goodwin 1988). However, there are sufficient indica-
tions to question whether redox processes are, in a
mechanistic sense, reversible and lead to end phases that
are similar to previous oxidation or reduction events.
Postma and Jakobsen (1996) showed that the reduction of
Mn, Fe, sulphate, and methanogenesis could be well
explained by a partial equilibrium approach where the
fermentive step (i.e., microbial reduction of organic matter)
is rate limiting. Cooper et al. (2000) reported on the impact
of competition between nitrate and iron reduction on metal
geochemistry, which may eventually block the processes
that immobilize zinc during reduction.
In this study, we collected samples from six large
sediment depots and storage sites in The Netherlands.
Reduction experiments were conducted with soils from
river flood plains to mimic permanent inundation or
storage. This was done by long-term inundation of aerobic
soils originating from the banks of the rivers Meuse and
Rhine in The Netherlands. Pore water compositions were
monitored at the prevailing redox conditions for up to
10 months.
The effect of gypsum amendment on sulfide formation
was studied, both experimentally and via modelling
exercises. The primary goal of this paper is to give
quantitative insight in the consequences of the practice
mentioned above. This is the first report to propose a
mechanism that explains the observed metal kinetics,
involving microbial action, during reduction.
2 Methods
2.1 Measurements in storage sites
Sediment cores were collected from six large sediment
depots: Slufter (51°55′31 N, 4°00′15E), Amerikahaven
(52°42′23 N, 4°46′35E), IJsseloog (52°35′56 N, 5°44′
34E), Moorlag (51°58′26 N, 5°51′43E), Asselt (51°14′
19 N, 6°00′28E), and Meers (51°49′13 N, 5°38′22E). Data
on depot history and sediment origin were provided by
the Dutch Ministry of Transport and Public Works
(Rijkswaterstaat, unpublished). These depots receive their
sediments from the local area. The first three depots
contain sediments that originate from the aquatic environ-
ment, e.g., from dredging activities. The last three depots
contain soils from flood plains that were sanitised and
redeveloped. According to Dutch environmental quality
standards, the soils and sediments in these depots are
considered moderately to heavily contaminated with heavy
metals.
From each depot, cores were collected from a ship at a
depth of 3 m or more below the water-sediment interface,
using a Vibro corer operated from a crane. These cores
were 70 cm in length, with a diameter of 20 cm. The core
ends were sealed on site, and stored in bags that were
flushed with nitrogen gas from portable cylinders. In the
laboratory, the columns were brought in a grade 6 N2-gas
glove box at 15°C in a climate control chamber. The
column walls were perforated with a 1-mm drill, and
SOFIE® probes (see section 2.2) were inserted on two
depths around the core centre. In this way, pore water
compositions were measured at the occurring redox status
in duplicate.
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2.2 Floodplain soil reduction
To simulate the reduction of aerobe terrestrial soils, reduction
experiments were conducted with three flood plain soils.
These were collected from: “Meuse-north”, (51°15′55 N,
6°01′27E) near the city of Beesel; “Meuse-south” (51°13′
27 N, 5°59′16E) near Asselt; and “Rhine” (51°58′15 N, 5°51′
46E) near Arnhem. All soils were classified as Fluvisols (FAO
1998). These metal-contaminated pastures were selected
because they were eligible for future restoration works and
subsequent large-scale storage in deep groundwater pits.
The top 0.05–0.35 m was sampled in an undisturbed
manner using SOFIE® cells (Sediment or Fauna Incubation
Experiment), described in detail by Vink (2002). These
cells enable undisturbed sampling, and accurate probing of
pore water over time, while the redox status maintains
intact. Up to 16 probes can be inserted at desired depths
via air-tight connectors in the cell wall. A probe consists
of a polyethersulfone semi-permeable polymer, which
retains and transports pore water without disrupting
equilibrium conditions. The polymer discriminates colloi-
dal fractions >0.1 μm. This mesh size is impermeable to
bacteria, so pore water that passes the polymer is sterile.
This is a large advantage, since microbial processes (e.g.,
redox transformations) do no longer occur in the extracted
pore water sample.
After sampling, cells were placed in a climate-controlled
room (15±2°C). The room was darkened to prevent the
production of CO2 by algae in the cells. The cells were
inundated with river water via an upward flow in the
column by connecting the deepest probe connector to a
water reservoir via a siphon construction. The soils became
waterlogged after 8 till 14 h, and 0.1 m of water was
maintained on the soil surface. Oxygen was removed from
the system by flushing the headspace in the cell with N2-
gas (grade 6 purity) during the course of the experiments,
which varied from 225 to 283 days. Pore water was
sampled periodically in the centre of the core by using the
membrane probes described earlier and a slow rotation
peristaltic pump. Samples were taken in duplicate, and Eh
and pH were measured directly in the pore water. Pore
water samples for metal analyses were acidified with
ultrapure HNO3. All samples were analysed within
30 min after sampling. At the end of the experiments, the
sediment was sampled for characteristics and total metal
contents by aqua regia (HNO3/HCl, 3:1 microwaved)
destruction procedure NEN 6961.
2.3 Gypsum amendment
A parallel experiment was conducted to test whether
sulfide-deficiencies could be compensated for by the
reduction of CaSO4.2H2O (gypsum), thus increasing the
available pool of reactive S. Gypsum is a raw produce that
is cheap and readily available, and could therefore be
applied on a large scale. Although the application of
gypsum to soils is a much-applied practice to increase
cation adsorption (e.g., Singh 1984; Fahrenhorst et al.
1999), the effects of reduction of gypsum on the geochem-
ical composition and subsequent mobility of metals has
never been reported in this context.
The soil from “Meuse-north” was selected for these
experiments. This site is scheduled for redevelopment
works, and large amounts of soil are destined to be stored
in former sand pits. Former studies from this site included
detailed sampling for characterisation and modelling studies
(Vink 1999). The mean content of S was 17.8±9.1 (SD)
mmole.kg−1 (n=18), and it was concluded earlier that this
amount may be insufficient to bind all available metals in
the sediment when stored under anaerobic conditions.
Therefore, two doses of S were applied to the sediment:
50 and 500 mmole.kg−1, by using ultrapure gypsumdihy-
drate, CaSO4.2H2O. These amounts were based on theo-
retical S-deficiencies of the soil for the sum of heavy
metals, assuming that only the reactive Fe-phase (as defined
by Postma and Jakobsen 1996) will initially associate with
S. In this case, dosages correspond to approximately 0.2
and 2 times the theoretical S-deficiency of 260 mmole.kg−1
calculated from data from Tables 1 and 2. The gypsumdi-
hydrate was mixed homogeneously with the soil, prior to
inundation. Dissolved sulfides were measured with a Ag/S
solid-state ion selective electrode (ISE; Cole Parmer; l.o.d.:
1 μg.l−1). A five-point calibration curve was made from
stock solutions, which was prepared by dissolving crystals
of Na2S.9H2O in deoxygenated millipore water. The ISE
was placed at 5 cm depth into the sediment via an air-tight
connector in the lid of the cell over the course of the
experiment. Physical sediment properties were determined
via standard analytical NEN protocols.
2.4 Pore water analyses
In the inundation experiments (section 2.2 and 2.3), pore
water was sampled on a weekly basis in duplicate from the
core centre at −0.15 m using the SOFIE probes. Sampling
intensity was adjusted according to the rate at which
concentration shifts of the studied compounds occurred.
Pore water samples were analyzed for As, Cd, Cu, Cr, Ni,
Pb, Zn, Fe, Mn, Na, Ca, and Mg using high-resolution
inductively coupled plasma mass spectrometry (Thermo
Electron Element2 field sector, dual mode secondary
electron multiplier with linear dynamic range of six orders;
limit of detection (lod) min/max: 0.003 μg.l−1 for Cd to
6.0 μg.l−1 for Zn). Internal standardization of elements
was checked with In115/Bi209/Li6. External reference
standards and internal quality samples were used for
J Soils Sediments (2010) 10:1633–1645 1635






2−, and Cl−were analyzed with
an ion chromatograph using a High Capacity analytical
column AS9-HC (Dionex), based on conductivity detection
with chemical suppression (lod min/max: 0.025 mg.l−1 for
NO2
−to 0.05 mg.l−1 for PO4
2−). All anions were thus
measured sequentially under equivalent conditions. NH4
+
was measured with a Skalar Segmented Flow analyzer
SAN+6250 matrix photometer (lod: 0.022 mg.l−1). Dis-
solved organic carbon was determined with a Shimadzu
5000 TOC analyzer (lod: 0.45 mg.l−1). All measurements in
this study were performed with 6-point calibration curves
from standard reference stock solutions.
2.5 Speciation modelling
As explained earlier, the soil from “Meuse-north” was
expected to have insufficient sulfide content after full
reduction, which would consequently result in insufficient
metal trapping.
The outcome of the reduction experiments is the overall
result of chemical, thermodynamic processes and microbial
processes. To distinguish between the thermodynamic part
Slufter Amerika haven IJsseloog Moorlag Asselt Meers
pH – 6.9 7.2 6.9 7.4 7.1 7.0
Eh mV −236 −127 −168 −169 −202 −244
DOC mg.l−1 46±2 43±1 42±4 168±3 165±6 215±7
NO3 mg.l−1 <0.04±0 0.88±0.11 0.22±0.08 <0.04±0 0.5±0.02 <0.04±0
SO4 mg.l−1 0.3±0.02 1.4±0.01 0.65±0.02 10.2±0.4 0.4±0.06 0.06±0
PO4 mg.l−1 <0.05±0 1.8±0.2 <0.05±0 0.9±0.07 0.05±0 0.96±0.04
NH4 mg.l−1 184±11 95±8 0.5±0.2 14±1 9.3±0.3 9±0.4
Ca mg.l−1 375±14 384±21 217±17 294±9 333±16 219±22
Fe mg.l−1 60±4 5±0.2 1.2±0.2 44±0 27±8 0.6±0.1
Mn mg.l−1 7±0.2 0.3±0.05 4.4±0.1 5.7±0.6 21.7±0.8 1.2±0.2
As μg/l−1 30±4 1±0.2 7.3±1.2 47±3 100±12 32±4
Cd μg/l−1 0.26±0.04 0.21±0.03 0.20±0.01 0.89±0.08 0.98±0.12 0.23±0.13
Cu μg/l−1 3.8±0.2 4.9±0.5 7.5±0.3 24±2 26.3±1.8 18.7±1.9
Cr μg/l−1 90±11 12±5 5.1±1.3 46±14 6.1±0.9 16±4
Ni μg/l−1 13.4±1.2 2.6±0.4 20.1±1.8 2.3±1.1 49±4 11.4±3.3
Pb μg/l−1 1±0.6 6.9±0.5 1.2±0.8 37±2.3 23.2±2.2 12.8±3.1
Zn μg/l−1 37.4±5.1 52.3±3.3 22.9±3.1 95±8 266±22 204±18
Table 2 Dissolved characteristics
of pore water collected from
ediment cores (with standard
deviations from duplicates)
Slufter Amerika haven IJsseloog Moorlag Asselt Meers
Origin of sediment Aquatic Aquatic Aquatic Terrestrial Terrestrial Terrestrial
Depth m −12 −9 −8 −3 −5 −4
Dry weight % 44.0 77.2 84.3 65 79.3 59.2
<2 μm % 28.1 4.9 16.8 22.1 12.3 22.2
Org. C % 4.3 8.4 9.5 1.5 3.6 4.4
CaCO3 % 1.9 6.2 1.8 0.9 0.5 1.2
Fe g.kg−1 36.6 9.0 18.6 11 28.0 22.9
S g.kg−1 1.3 2.9 0.14 0.9 0.63 3.6
As mg.kg−1 23.0 6.7 6.6 27.3 15.5 33.3
Cd mg.kg−1 9.2 0.5 0.4 5.2 5.6 5.7
Cr mg.kg−1 151 20.0 15.2 105.2 38.9 120
Cu mg.kg−1 105 29.3 10.4 75.2 59.5 85.6
Ni mg.kg−1 43.8 9.7 16.6 37.8 25.4 27.7
Pb mg.kg−1 145 59.0 37.4 128 230 138
Zn mg.kg−1 807 368 103 466 758 724
Table 1 Solid-state characteristics
of sediment cores collected from
six storage sites
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and the kinetic part that dictate the overall results, thermody-
namic speciation calculations were performed for the “Meuse-
north” soil. These calculations were performed with the
chemical speciation model BIOCHEM-ORCHESTRA (Vink
and Meeussen 2007). This model is based on the chemical
module BIOCHEM (Schröder et al. 2005; Vink and
Schröder 2006) which was modified with the NICA-
DONNAN concept for complexation of metals to DOM
(Benedetti et al. 1995), and coupled to the ORCHESTRA
framework (Meeussen 2003). Unlike most chemical speci-
ation models, BIOCHEM-ORCHESTRA is capable of
simulating redox changes over time by relating water
saturation and duration to reduction potential for each
layer. The model contains modules for precipitation and
dissolution of solids, based on an extended database of
mineral components with up-to-date thermodynamic con-
stants for the ferro/ferric and sulphur/sulfide minerals.
Model schematization started at oxic steady state, followed
by water saturation, thus simulating inundation and
subsequent reduction. We assumed that DOM consisted of
equal amounts of fulvic and humic components. Starting
values for the model schematization were adapted from
Tables 1 and 2. Pore water compositions from both oxic and
reduced layers in soil cores of the same site from an earlier
campaign (Vink 1999) were used to validate the model for
this purpose.
3 Results and discussion
3.1 Measurements in storage sites
Characteristics of the cores taken from the depots are
shown in Table 1 (solid phase) and 2 (pore water). Based on




2−], all sediments are considered to have sulphate
reducing conditions.
Figure 1 shows DOC and Zn concentrations in pore
water collected from the six depots. The results immedi-
ately show that in situ concentrations of DOC in the depots
that contain floodplain sediments have significant elevated
values (up to a factor 5) compared with the depots with
dredged sediments from aquatic environments. Depots
Asselt and Meers have DOC concentrations of respectively
165 and 215 mg/l, which is in the same order as the
maximum concentrations that we observed in the reduction
experiments. Also, Zn concentrations are a factor of 10
higher (266 and 204 μg/l, respectively) in the “terrestrial”
depots. This is strong evidence that the proposed mecha-
nisms in Fig. 2 do indeed occur in the field. This is an
important finding, not only from a chemical, but also from
a management point of view. In risk assessments for metal
emissions, the origin of sediment does matter, since
dredged sediments and floodplain sediments do behave
differently in terms of metal mobility following storage,
inundation and reduction.
3.2 Floodplain soil reduction
Sediment and pore water characteristics are listed in Table 3.
Compared with the Rhine location, the two Meuse locations
are generally more clayey and organic, and have a higher
pH. All soils are rich in iron. The carbon to sulphur ratio in
Meuse-north is twice as high as in Meuse-south (C/S=161
and 86, respectively), which is higher than commonly
observed for pastures (Nguyen and Goh (1994) report a
mean value of 90). Net-loss of S in this flood plain soil is
not very likely, since surface water provides a significant S-
source during floods (40–70 mg.l−1 SO4
2−(Waterbase
1999–2008)). It is possible that the Meuse-north site may
have a lower organic matter turnover rate than the Meuse-
south location, but this was not further investigated.
Inundation effectively lowered redox potentials in pore
water (Fig. 3). Dissolved oxygen concentrations in inunda-
tion water dropped from 10±2 to 3.5±1 mg.l−1 over the
first 25 days. Along reduction, pH decreased gradually in
the Meuse sediments. In the Rhine sediment, pH increased
temporarily by almost a full unit, due to alkalinity
production. This was most probably caused by anaerobic
microbial respiration of organic matter (raising pCO2) and
simultaneous calcite dissolution. After approximately
5 months, pH stabilizes and a net increase of half a pH-
unit compared with the initial aerobic state is maintained.
The final pH of the three soils differs by only 0.4 unit,
indicating that the pH of the dissolved phase is regulated by
the dissolution of carbonates.
While oxygen is metabolized, nitrites and nitrates act as
alternative electron acceptors, and are at least partially
converted to ammonium. Denitrification rates varied around
30±3 μg.ml−1.d−1 for the three soils, which is quite
uniform, but are somewhat lower than Siegrist et al.
(1999) found in activated sludge (70–100 μg.ml−1.d−1).
Further reduction lead to the dissolution of Mn-oxides and
Fe-oxyhydroxides (Patrick and Verloo 1998; Van Cappellen
et al. 1998). Dissolved concentrations of Mn(II) and Fe(II)
increased by a factor 20 within 7 days. Cooper et al. (2000),
who studied the formation of mineral phases during
reduction, stated that microbial reduction of Fe(III) was
inhibited when NO3
−was present as an alternative electron
acceptor. In this study, denitrification and Mn(IV) and Fe(III)
reduction occurred simultaneously, and even simultaneous
Fe(III) and SO4
2−reduction was reported earlier (Postma and
Jakobsen 1996; Vink 2002). Francis and Dodge (1990)
showed that the release of metals from Fe-oxyhydroxides
was facilitated by microbial action, and that dissolved Mn(II)
facilitated this mechanism (Guha et al. 2001).
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Fig. 1 Concentrations of DOC and metals in pore water, collected
from six depots (error bars are standard deviations). Depots on the
right (Moorlag, Asselt, Meers) contain soils from terrestrial environ-
ments and have higher concentrations of DOC and metals in pore
waters than depots on the left (Slufter, Amerika haven, IJsseloog) that
contain sediments from aquatic environments
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Reduction rates were fast in the first 3 weeks after
inundation. However, the reduction of sulphate did not start
until approximately 2 months. Dissolved sulfides were not
detected until approximately 80 days.
[PO4] in pore water increased due to two main
mechanisms: (1) dissolution of inorganic phases such as
strengite, FePO4 (Simpson et al. 2000), and (2) P-release
via decomposition of particulate organic matter, which is
indicated by the increase of [NH4
+] (Lopes, 2004). The
effect of P-release from the solid state to solution is
enhanced by what was suggested by Siegrist et al. (1999).
They found a 6-fold P-release in sludge that became
anaerobic, which they attributed to a reduced phosphate
uptake by microorganisms. Due to the reduction of Fe(III)
to Fe(II), large amounts of [Fe2+] occurs in solution, and the
released phosphate precipitates to form vivianite minerals
(Fe3(PO4)2). This subsequently results in P-immobilization.
This up-and-down trend of PO4− concentrations during
reduction is clearly recognized in Fig. 3, and is most
pronounced for the Rhine and Meuse-south soils.
While organic matter undergoes incomplete mineraliza-
tion, degradation products are formed, resulting in a 6- to 7-
fold increase of DOC in all three soils. The sheer magnitude
of this increase is remarkable, since it is generally assumed
Fig. 2 Schematization of reduc-
tion mechanisms in time.
Reductive production of Mn2+
increases the metabolic organic
matter fermentation and the
production of DOM, which
prolongs the retention of metals
in solution (DOM dissolved
organic matter, M metal,
S sulfide)
Table 3 Solid and dissolved phase characteristics at steady state of three flood plain soils, prior to inundation
Parameter Unit Solid phase Parameter Unit Pore water
Meuse-north Meuse-south Rhine Meuse-north Meuse-south Rhine
Dry weight % 72 71 80 pH – 7.2 8.0 6.7
<63 um % 67 66 20 NO3
− mg/l 45.0 4.3 40.0
<50 um % 65 65 20 NH4
+ mg/l 0.06 0.07 0.1
<16 um % 44 51 16 SO4
2− mg/l 54.6 354 90.9
<10 um % 37 44 14 Cl− mg/l 20.0 19.0 79.8
<2 um % 23 22 9.5 PO4
3− mg/l 0.2 0.05 0.35
Org. C % 7.6 6.9 4.0 DOC mg/l 27.4 22.9 26.0
Inorganic C % 0.9 0.9 1.0 Na μg/l 13.3 nd nd
Mg g/kg 6.0 7.3 9.3 Mg mg/l 5.9 23.2 14.1
Fe g/kg 42.6 42 36.8 Fe mg/l 0.04 <0.01 0.48
Al g/kg 29.9 34 29 Al mg/l nd 0.73 nd
Ca g/kg 26.5 38.6 22.3 Ca mg/l 71.0 151 110
Mn mg/kg 1,000 1,030 914 Mn μg/l 0.7 64.0 11.1
Cr mg/kg 74.8 97.6 181 Cr μg/l 3.4 3.7 5.6
Ni mg/kg 29.8 45.5 48.4 Ni μg/l 2.3 7.3 10.5
Cu mg/kg 101 99 104 Cu μg/l 24.8 95.2 53.2
Zn mg/kg 1,302 1,396 720 Zn μg/l 26.8 58.0 29.7
Cd mg/kg 13.3 15.2 5.9 Cd μg/l 1.2 4.1 0.9
Pb mg/kg 354 286 203 Pb μg/l 0.80 0.47 0.80
Hg mg/kg 2.0 1.7 3.7 Hg μg/l nd nd nd
Co mg/kg 6.0 16.9 19.9 Co μg/l nd nd nd
As mg/kg 20 22 33 As μg/l 1.9 4.5 13.1
S-tot. mg/kg 470 800 <50
nd not determined
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Fig. 3 Pore water concentrations during reduction in three inundated soils
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that the metabolic activity of microorganisms is low at sub-
oxic or anaerobic conditions. Evidently, the mineralization
of organic matter is not inhibited due to the flooding, at
least not for a short-term period after inundation.
The observed trends give a strong indication that the
release of phosphates may boost the mineralization of
organic matter, followed by the production of DOM. The
dissolution of Mn-oxides may also play a role, since Mn2+
is an essential micronutrient in many biochemical reactions
(Tietz 1957; Wakil et al. 1957). In aerobic conditions,
oxides like Mn are poorly soluble, resulting in low
concentrations in pore water and hence low bioavailability
(Vink et al. 1999). This effect should be further investigated,
using abiotic blanks and cell counts to identify the role of
microbial degradation of organic matter, in order to quantify
its significance in relation to the chemical processes that occur
during reduction of soils and sediments.
The dissolution reactions of phosphates and subsequent
association with other cations in solution are very sensitive
to small changes in pH. Assuming [CO3
2−]∼pCO2 and with
[Ca2+]=1.10−3 mol.l−1, we find that Mn2+ concentrations
may drop 50% when pH decreases only from 7.2 to 7.0.
However, in PO4
2− dominated systems, 95% of total Mn
will still be present as relatively soluble MnHPO4 at this
pH, and Mn will therefore continue to stay in solution for a
prolonged period. Moreover, Mn2+ will not form insoluble
sulfide phases (MnS) easily when Fe2+ is present (Morse
and Luther 1999), which is almost always the case.
These results show that during reduction, favourable
conditions occur that facilitate the transformation of partic-
ulate organic matter to DOM, as a result of the release of
essential elements. This effect is temporal, since further
reduction creates, obviously, unfavourable respiratory con-
ditions due to complete oxygen depletion. However, during
this temporal boost, a high turnover of organic matter occurs,
and hence the production of DOM. The left hand side of
Fig. 2 schematizes the mechanisms mentioned above.
3.3 Heavy metal response to reduction
As is shown in Fig. 3 and discussed in section 3.2, DOM
concentrations increased significantly in all three soils
during reduction. The differences in DOM-formation rates
between soils most likely depend on the reactivity of the
local humic matter and other factors that influence
microbial activity (such as pH and availability of
nutrients). The mechanisms behind these local differences
are not further discussed here. But it is clear that
compared with the Meuse sediments, the Rhine sediment
releases larger amounts of PO4, NH4, arsenic, chromium
and nickel.
In most cases, metal concentrations increased during
reduction as a result of association with DOM, in some cases
far exceeding quality standards for groundwater and surface
water (e.g., As, Cd, Cr, Ni, Pb). In fact, none of these
sediments meet the Dutch target quality standards for both
deep and shallow groundwater over the course of the experi-
ments. So it becomes clear that in anaerobic environments,
release (and possibly emission) of metals actually occurs.
For arsenic, increasing concentrations following reduc-
tion is a well-known phenomenon (Cherry et al. 1979;
Pierce and Moore 1982; Macur et al. 2004). As(V),
arsenate, is reduced to As(III), arsenite, which is very
mobile and has led to elevated groundwater concentrations
on many occasions. Chromium(VI) can be reduced to Cr
(III) by reactions with e.g., Fe (acting as a catalyst (Eary
and Rai 1988)) and organic matter (Kozuh et al. 2000). The
direct relation between DOM and reduction rates of
chromium was discussed by Buerge and Hug (1998), and
Francis and Dodge (1990) showed that Cr was liberated by
Fe-oxyhydroxides by—again—microbial action. Later,
Guha et al. (2001) showed that dissolved Mn(II) facilitates
this mechanism. In summary, there are sufficient indications
to state that the dissolution of metals results from the
formation of DOM, mediated by the availability of the
essential nutrients.
Reduction and subsequent dissolution of Mn(IV–VII)-
oxides and Fe(III)-oxyhydroxides initially leads to the
release of metals (e.g., Dong et al. 2000). Once in solution,
most metals will redistribute over the remaining sorption
phases. DOM is an excellent provider of bonding sites
(Sauvé et al. 1997; Christensen et al. 1999; Eyrolle and
Benaim, 1999). If sulfides have not yet formed, DOM is the
dominant and most accessible provider of bonding sites for
metals that are released in solution. This was confirmed by
the modelling results summarized in Table 4, showing the
dominance of metal-DOM fractions in solution.
The increase in DOM concentrations during reduction
not always leads to prolonged mobilization of metals. For
example, copper shows a prolonged mobilization in the
Meuse-north sediment, but not in the Rhine and Meuse-
south sediments. Probably the most important reason for
this is the fact that Cu, of all metals except Hg, forms the
most stable sulfide complexes. The Cu–S solubility
product, Ksp, is in the order of 10
−36, compared with
10−19 for Ni–S (Fisher and Peters 1970). For Meuse-north,
both the modelling results (section 3.5) and the dissolved-
sulfide (HS−) measurements presented in Fig. 3 show a
sulfide deficiency for Meuse-north. So instead of associating
to the first-formed sulfides, as occurs in Rhine and Meuse-
south, copper in Meuse-north predominantly binds to DOM.
This observation does not contradict the classical idea that Cu
always and massively binds to DOM. Indeed, DOM domi-
nates the speciation of Cu in the aqueous phase, as we will
show in section 3.5. But DOM concentrations almost always
far exceed concentrations of copper (mg-range vs. μg-range),
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and available sorption sites may already be occupied. The
formation of even more DOM in that case not necessarily
leads to redistribution of Cu.
An explanation for the observed time lap between
sulfide formation (see Fig. 3: after 80 days of inundation)
and actual formation of metal-sulfide compounds (after
10 months) is found in the kinetic constraint of release of
metals from DOM. To form complexes with sulfides,
metals first need to dissociate from DOM. However,
desorption rates are often much slower than sorption rates
(Strawn et al. 1998), and sorption reactions of metals to
DOM may even be non-reversible. Evidence for this was
provided by several authors (reviewed by Sutton and
Sposito 2005). In any case, desorption of metals from
dissolved humic substances is slow or partly even irreversible.
This consequently results in prolonged increased metal
concentrations in solution. This mechanism is shown in the
right hand side of Fig. 2, and completes the overall
schematization of the relation between thermodynamically
regulated processes and the kinetic mechanisms during
reduction.
The occurrence of kinetic constraints, i.e., the fast
association of metals with DOM and slow release to
S-phases, was in fact observed earlier by some authors,
but not explicitly explained. In experiments with anaerobic
sediments, Buykx et al. (2000) and Simpson et al. (2000)
found that a large portion of sediment-bound metals (73–
95%) were non-sulfide phases. They concluded that
reactive sulfide phases play a limited role in controlling
the speciation of metals entering sulfide-rich environments.
This may indeed often be the case, since sediments in lakes
and rivers are mostly not at equilibrium. Given the fact that
metal-sulfide complexes are among the most stable ones,
dissolved metal concentrations in a sulfide-controlled
sediment should therefore approach zero. This is however
very rarely reported, and also our measurements in
anaerobic depots do not show zero-concentrations of
metals.
3.4 Gypsum amendment
Two-tailed paired variance analyses (p<0.05) showed that the
difference in metal concentrations between the two gypsum
dosages (section 2.3) were not significant, except for Zn and,
obviously, Ca and SO4. The smallest dose (50 mmole S.kg
−1)
was sufficient to eliminate the S-deficiency in the sediments.
Time-dynamic examples are shown in Fig. 4. The following
trends are observed:
1) As, Cu, and Pb concentrations in pore water are
significantly lower after gypsum amendment.
2) Zn and Cd concentrations in pore water rise by a factor
2; the addition of gypsum leads to increased release
from the solid phase;
3) Little effects were observed for Ni and Cr. Ni2+ has
slower reaction kinetics than the other metals (Morse
and Luther 1999; Snodgrass 1980), which indicates
that those metals form sulfide phases prior to Ni. Cr is
inert to reaction with sulfide.
Elevated concentrations of Zn and Cd occur, due to the
addition of Ca. This enhances competition with Ca2+ ions
for bonding sites. In addition, and perhaps more impor-
tantly, relatively large fractions of solid-phase Zn and Cd
are in the oxic state associated with the carbonate phase
(Smith and Martell 1976; Tessier et al. 1979), and are
exchanged with Ca via the same mechanism (Warwick et
al. 1998). For As, Pb, and Cu, the competition with Ca2+
for sorption sites is of lesser importance, because of mainly
two reasons: (1) their capacity to form stable ligand
complexes with OM (both SOM and DOM; Sauvé et al.
1997; Shi et al. 1998; Christensen et al. 1999). Pb, and Cu
in particular, will remain in the OM-phase, disregarding the
ionic strength of the composite solution; (2) the physical
behaviour of DOM in the presence of large amounts of
Ca2+. Römkens and Dolfing (1998) concluded from their
Table 4 Calculated concentrations (μg.l−1) of some metal species in
anaerobic pore water, and with addition of mineral gypsum, based on




Cadmium Cd2+ 4.10−2 1.10−8
CdCl+ 5.6.10−2 1.4.10−8
Cd-DOM 9.3.10−3 1.2.10−7
CdS (s) 9.5.10−14 2.2.104




PbS (s) 1.7.10−14 4.7.105
Copper Cu2+ 7.6.10−9 1.3.10−15
Cu-inorganica 1.6.10−11 4.8.10−8
Cu-DOM 4.10−4 2.9.10−7
CuS (s) 6.5.105 6.5.105




ZnS (s) 9.2.105 2.4.106
Iron Fe2+ 614 614
Fe3+ 6.3.10−15 6.4.10−15
FeOOH (s) 1.7.107 1.9.107
FeS2 (s) 5.4.10
2 6.8.102
a Including OH, SO4, CO3 complexation
1642 J Soils Sediments (2010) 10:1633–1645
experiments with organic ligands that stoichiometric
changes of DOM took place when calcium was added to
the solution. We indeed observed significant disappearance
of DOM from pore water, as a result of flocculation and
subsequent precipitation. In their experiments with 400 mg.
l−1 Ca, which is comparable to concentrations in the
gypsum-enriched soils of this experiment, Eyrolle and
Benaim (1999) immobilized 40% to 60% of the soluble
copper through this flocculation mechanism. This order of
magnitude agrees very well with the observations presented
in Fig. 4. By increasing [Ca2+] from 100 to 550 mg.l−1,
DOC concentrations drop 38%. Accordingly, many metal
concentrations decline with the same order of magnitude.
3.5 Speciation modelling; the effect of gypsum amendment
Results of the speciation calculation for the final anaerobic
steady state, and the effect of gypsum addition, are shown
in Table 4. Speciation in this case is dictated by the thermo-
dynamic stability of the involved species including sorption to
DOM. The stable reduction end-point was checked using
Fe(III) and Fe(II) as a redox couple, which is expressed by the
Nernst equation: Eh ¼ E0 þ RT= nFln Fe3þ½ = Fe2þ½ . The
standard potential E0 (0.77 V) was calculated from the Gibbs
free energy derived from thermodynamic tables. This yields
0:77þ 0:059:log Fe3þ½ =ð Fe2þ½ Þ ¼ 0:232V, which is in
agreement with the end-point measurements, being −0.248 V
after 10 months. For these calculations it was assumed that in
the aerobic state all dissolved iron was present as Fe(III), and
in the anaerobic state as Fe(II).
The results show that: (1) DOM plays a major part in metal
speciation, and dominates the metal fraction in the dissolved
phase, even when sulfides are present; (2) Free ion concen-
trations are relatively large for Cd2+ (36% of total dissolved),
Zn2+ (14%) and Pb (13%), but concentrations decrease some
orders of magnitude when gypsum is added and the reactive
Fig. 4 Pore water concentrations during reduction in Meuse-north (solid line) and with two doses of gypsum (circles, 50 mmole S.kg−1, triangles,
500 mmole S.kg−1). Vertical bars represent analytical variation
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pool of sulfide is increased; (3) Sulfide deficiency occurs in
the natural soil and limits the complete immobilization of
Cd, Pb, Zn, but not Cu. This limitation is compensated by
the addition of 50 mmole S in the form of gypsum.
4 Conclusions
Metal speciation during reduction cannot be attributed to
thermodynamic relationships alone, but also results from
differences in exchange reaction kinetics. For reducing pore
waters, it was demonstrated that the association of metals with
DOM plays an important role in chemical speciation, and that
the production of DOM is facilitated by the release of nutrients
from the solid phase. It is demonstrated that DOM releases
metals only slowly, therefore kinetically hindering the phase
shifting to stable metal-sulfide precipitates. The observed
differences between Rhine and Meuse locations demonstrate
that the significance of the described mechanisms is dictated
by local conditions.
It was shown that addition of gypsum stimulates the
formation of sulfides. As a result, metal concentrations
decrease significantly (ranging from 24% for Cr to 64% for
Pb after 6 months of inundation; p<0.05). On the short term
however, the addition of gypsum leads to elevated concen-
trations of Zn and Cd due to increased Ca-metal-competition
for bonding sites. We conclude that not only an effective
electron acceptor has to be added to the sediment, but also
an effective donor, such as easily degradable organic matter.
In situ measurements in depots showed that sediments
originating from flood plains follow the same mechanisms
that were observed in the reduction experiments. Both DOC
concentrations and associated metals increase. This mech-
anism did not occur in depots that contain sediments from
aquatic origin. This is an important finding, and shows that
when permanent inundation or sediment storage is considered,
a clear distinction should be made between sediments of
terrestrial and aquatic origin.
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